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ABSTRACT

Passive sampling with low-density polyethylene (LDPE) was assessed to study the 
way it accumulates contaminants in sediment. Strips of LDPE were deployed in river 
sediment for a period of two months to evaluate their polycyclic aromatic hydrocarbon 
(PAH) accumulation following two modes: LDPE buried in sediment and exposed to 
pore water flow and contaminants desorbed from particles were compared to LDPE 
strips in the same sediment but in a confined space. The results present an obvious dif-
ference of accumulation between the two modes of exposure. LDPE exposed to pore 
water accumulated PAH depending on their hydrophobicity whereas LDPE only exposed 
to contaminant desorption from confined particles did not accumulate nor desorb PAH 
significantly. This observation shows that LDPE only takes up PAH present in pore 
water and not the PAH bound to sediment particles. Accumulation in LDPE is not the 
result of forced desorption from particles. The present study also found that LDPE 
sampling cannot estimate adsorbed molecules in confined sediment nor in turbid water. 
LDPE is an efficient tool for investigating pore water, the fate of micropollutants in 
sediment, the effect of bioturbation and bioirrigation on micropollutants and the effect 
of micropollutants on bioturbation activity. 
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RESUMEN

Se llevó a cabo un muestreo pasivo con polietileno de baja densidad (PBD) para 
analizar la manera en que puede acumular contaminantes en el sedimento. Se em-
plearon tiras de PBD en sedimento de río por un periodo de dos meses para evaluar la 
acumulación de hidrocarburos aromáticos policíclicos (HAP) a través de dos modali-
dades: PBD enterrado en el sedimento y expuesto al flujo de agua intersticial y PBD 
expuesto a contaminantes desadsorbidos de partículas en el mismo sedimento pero en 
espacios confinados. Los resultados muestran una diferencia en la acumulación entre 
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ambas modalidades de exposición. El PBD expuesto al agua intersticial acumuló 
HAP dependiendo de su hidrofobicidad, mientras que el PBD expuesto solamente a 
la desadsorción de partículas confinadas no acumuló o desadsorbió HAP de manera 
significativa. Esto muestra que el PBD sólo toma HAP presentes en el agua intersticial 
y no aquellos unidos a partículas en el sedimento. La acumulación de HAP en el PBD 
confinado, no es el resultado de la desadsorción forzada de las partículas. El presente 
estudio encontró que el muestreo con PBD no puede estimar las moléculas adsorbidas 
en sedimento confinado o en agua turbia. El PBD es una herramienta eficiente para 
investigar el agua intersticial, el destino de microcontaminantes en sedimentos, el efecto 
de la bioturbidez y la bioirrigación en microcontaminantes, así como el efecto de éstos 
en la actividad de bioturbación.

INTRODUCTION

Watershed and marine contamination leads to pol-
lutant accumulation in sediment. From sediment, pol-
lutants can alter the ecosystem performance through: 
(i) chronic exposure via desorption into the water 
column or roots (Ek et al. 2004), and (ii) flood events 
with sediment movement and dispersion triggering 
sudden desorption of large quantities of pollutants 
(Guimont 2005). Suitable means of estimating sedi-
ment contamination is a major concern and its com-
plexity is exacerbated by adsorption diversity (Ehlers 
et al. 2006). Sediment extraction does not provide 
information about the potential to contaminate the 
biota through desorption (Robertson et al. 1994). 

Indeed, water sampling is required for environ-
mental monitoring as defined by the Water Frame-
work Directive, even though it is only a weakly 
representative method (Coynel et al. 2004, Allan et 
al. 2005, Ghestem et al. 2008, Hering et al. 2010). Ex-
pensive water sampling campaigns can only provide 
normalizable but unsuitable data. The other matrices, 
(e.g. sediment and biota) are regarded as alternatives 
to water sampling. While water and biota surveys pro-
vide information about chemical contamination (i.e. 
bioavailable chemical fluxes), sediment analysis pro-
vides information about contamination risks because 
of the large quantities of chemicals it sequesters. But 
sediment (including related suspended matter) and 
biota have their own interpretative limits as well, like 
metabolization, migration and chemical selectivity. 
Integrating chemical concentration peaks in filtered 
water can be achieved with passive samplers, as de-
scribed below. Passive sampling has, for a decade, 
been considered as an alternative to environmental 
matrix sampling –but what does it actually sample?

Passive samplers have become widely used since 
the early 1990’s to collect organic contaminants in 
aquatic environments (Petty et al. 2000). They exploit 
the affinity of organic contaminants for polymers, 

which is estimated by the partition coefficient (KD) 
between the environmental matrix and the sampling 
material. The performance of each device differs 
depending on the adsorbent material used and the 
configuration of the setup, with different sampling 
rates (Rs) for each device. These passive samplers 
are increasingly being used (Esteve-Turrillas et al. 
2008) and have become the main means of aquatic 
environment monitoring. Their use is now progres-
sively extending to solid matrices but one pivotal 
question is: Can we use the chemicals accumulated 
to represent all the chemicals present in the sampled 
environment?. Several authors (e.g. Allan et al. 2009) 
consider that passive samplers could provide an 
estimation of the bioavailable contaminants present 
in fluid matrices. Few studies allow interpreting the 
sampling in solid matrices owing to the key role of 
organic matter, especially in sediment (Cornelissen 
et al. 2008, Sormunen et al. 2008 and 2010). Allan et 
al. (2012) investigated the freely dissolved polycyclic 
aromatic hydrocarbon (PAH) content of water by 
incubating low-density polyethylene (LDPE) strips 
in sediment. They used PAH, as in the present study, 
because of their apolar characteristics. In the same 
way, Charrasse et al. (2014) investigated sediment 
pore water partition in agitated sediment monitored 
by LDPE.

Focusing on adsorption/desorption processes, 
adsorption is defined as the rapid and reversible ac-
cumulation of molecules at solid-liquid interfaces 
(Weber et al. 1991). The solid-liquid distribution is 
quantified using the partition coefficient KD between 
solid surface and water. Theoretically, the accumula-
tion of contaminants in the passive sampler leads to 
the depletion of contaminants in the water boundary 
layer close to the sampler, which may force some 
contaminant desorption from particles or other li-
gands. Hence, the passive sampler may accumulate 
readily available plus originally bound contaminants. 
Passive sampling does not produce information about 
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the origin of the contaminant sampled (i.e. molecules 
present in the pore water or molecules desorbed from 
a particle association). Briefly, the solid-liquid dis-
tribution and transport of organic chemicals (in the 
present article, PAH) depend on the organic matter of 
natural sediment and dissolved organic matter in so-
lution. Ignorance of such recruitment could generate 
incorrect estimation of the sediment contamination. 

The present study was designed to investigate 
passive sampling in sediment.

Among passive samplers, the semi-permeable 
membrane device (SPMD) (Huckins et al. 1990) is 
largely applied in routine aquatic organic contamina-
tion surveys. The SPMD is formed by a non-porous 
LDPE bag containing triolein. Booij et al. (1998) 
indicated that LDPE significantly contributed to the 
accumulation. Hence, LDPE strips could also be used 
as a passive sampler of organic contaminants. By cal-
culation, Booij et al. (1998) demonstrated that LDPE 
mainly accumulates truly dissolved hydrophobic 
organic contaminants from pore water. However, en-
vironmental managers remain sceptical: they are not 
convinced by such arguments, especially when they 
manage turbid water (e.g. estuaries) or large amounts 
of sediment (e.g. reservoirs, dams). Do passive sam-
plers only sample truly dissolved organic chemicals? 
Do passive sampling processes favor desorption 
from solid particles, as the case for metals (Harper 
et al. 1998, 1999 and 2000)? The present experiment 
intends to study passive sampling, using LDPE in a 
sediment matrix in order to determine the route of 
accumulation of pollutants in passive samplers from 
solid contaminated matrix. In a reductio ad absurdum 
approach, passive samplers were deployed: (i) buried 
in sediment, exposed to pore water and contaminated 
sediment particles, or (ii) enclosed in a test tube, only 
exposed to sediment particles eliminating pore water 
flux – and related contaminants. 

LDPE strips were deployed in situ, as passive 
samplers (Rantalainen et al. 1998, Booij et al. 2003, 
Hawthorne et al. 2008, Fernandez et al. 2009) to 
limit bias from matrix disruption (Jonker et al. 2001). 
Since LDPE is increasingly employed, especially 
for abrasive matrices such as sediment (Booij et al. 
2003), it was chosen for use in this study.

The objective of the study was to determine the 
mode of recruitment of accumulated organic mol-
ecules in passive samplers regarding exposure type, 
time and KOW (the partition coefficient between 
octanol and water, illustrating the hydrophobicity). 
Desorbing profile observed concomitantly with 
spiked deuterated molecules provide information on 
the reverse kinetics. 

MATERIALS AND METHODS

Chemicals
Suprasolve acetone, methanol and hexane pro-

vided by Merck KGaA (Darmstadt, Germany) and 
picograde n-heptane from the LGC company (Ted-
dington, UK) were used in the experiments. Glass-
ware was washed and combusted (500 ºC for 4 h). 
Samples were stored in the dark at a temperature of 
-18 ºC and they were as soon as possible. 

External calibrations, performed with the PAH 
standard Mix31 as performance reference com-
pounds (PRCs) (acenaphthylene-d8, fluorene-d10, 
anthracene-d10, fluorene-d10, and benzo(g,h,i) 
perylene-d12) and internal calibration compounds 
(naphthalene-d8, acenaphthene-d10, phenanthrene-
d10, chrysene-d12 and perylene-d12) were provided 
by Cluzeau Info Labo (Sainte-Foy la-Grande, 
France) and produced by Dr. Ehrenstorfer GmbH 
(Augsburg, Germany). LDPE was provided by 
Manutan (Gonesse, France). 

LDPE preperation and extraction
LDPE strips were cleaned and spiked with PRCs 

following the protocol detailed in Lorgeoux (2008). 
Briefly, LDPE strips (1 × 10 cm) were immerged 
successively in hydrophobic (ethylacetate/heptane, 
50/50, v/v, 20mL/strip) and ultra high quality (UHQ) 
water on a rotary table (130 rpm). The hydrophobic 
bath lasted 24 h (renewed once) and the hydrophilic 
bath 96 h (renewed once). The LDPE strips were 
spiked with PRCs (acenaphthylene-d8, fluorene-
d10, anthracene-d10, fluorene-d10, and benzo(g,h,i)
perylene-d12) in methanol/water (50/50, v/v) for 24 h. 

Deployment modes
LDPE were deployed in the sediment of Rungis 

stream, which flows near Orly airport before flow-
ing along the 2 × 6 - lane motorway controlling the 
southern access to Paris. LDPE strips (10 × 1cm) 
were exposed to sediment following two modes: (i) 
directly by burying them 3 cm below the sediment 
surface or (ii) inserted into glass test tubes to limit 
pore water circulation and to force the recruitment 
from close sediment (Fig. 1). Test tube mouths were 
3 cm deep. 

To limit sediment upheaval when the LDPE 
was retrieved, the LDPE strips buried in situ 
were attached to a nylon thread. Three strips of 
each deployment mode were retrieved regularly 
over 36 d (17 times). Thirty mL of sediment was 
retrieved one week before the experiment, then 
one week after. 
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Analytical methods
After exposure, LDPE were succinctly water-

washed and wiped to remove all the sediment particles. 
Then, the clean strips were bathed in the hydrophobic 
mix (ethylacetate/heptane, 50/50, v/v, 20 mL/strip) for 
48 h. Sediment was lyophilized and sieved with a 2 mm 
mesh sieve and then homogenized, later on 0.5 g was 
taken for micro-wave assisted extraction (Mars II from 
the CEM corporation (Matthews, NC, USA)). Hexane/
acetone (50/50, v/v, 2 mL/sample) extraction consisted 
of a 1600 W microwave applied to samples heated from 
ambient to 80 ºC following a 15 min ramp, then a 10 
min plateau. Extracts were purified on a Florisil column. 

The PAH (16 substances from the USEPA list) and 
PRCs were quantified using a TraceGC ultrachromato-
graph coupled with a TraceDSQ mass spectrometer 
(GC-MS) from Thermofinnigan (Waltham, MA, USA). 
Briefly, the splitless mode (injector temperature: 280 
ºC) was set up at an initial temperature of 45 ºC. The 
first step had a temperature increase rate of 35 ºC/min 
up to 180 ºC, then a second step at 8 ºC/min up to 280 ºC 
and, finally, a 10 min plateau at 280 ºC. The specific ion 
mode detection conditions were: temperature = 300 ºC; 
detector voltage (EMV) = 2600 V. 

Internal calibration and data confidence
Naphthalene was discarded from the analysis be-

cause of its low recovery. Although high variability 
was observed in some triplicates (maximum relative 
standard deviation, 103 %), the overall reproducibil-
ity remained acceptable: 75 % of the relative standard 
deviations in PAH concentration triplicates were less 
than 38 %. Bathing steps increased reproducibility 
performance, in situ contamination and mineraliza-
tion variability (Harper et al. 1998). Internal cali-
bration allowed each result to be weighted with the 
corresponding reproducibility performance. 

Quantification limits on sediment were about 2 to 
4 ng/g and about 25 to 50 ng/g in LDPE for three to 
four ring PAH and five to six ring PAH, respectively. 

RESULTS

Sediment contamination
The PAH sediment concentrations measured each 

week (Fig. 2) were almost constant over the two 

Sediment

Water column

LDPE

FIg. 1. Passive sampling deployment modes. Left: buried LOW 
Density PolyEthylene strips. Right: test tube Low Den-
sity PolyEthylene strips (ldpe) 
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Fig. 2. Polycycic aromatic hydrocarbons (PAH) average concentrations in sediment over 
time (weekly sampling during 60 days). Data from the United States Environmental 
Protection Agency. 
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months. Rungis stream sediment was as contaminated 
in the same way as RTC-CRM141 sediment provided 
by LGC Promochem (Augsburg, Germany). Although 
this sediment is more contaminated than samples from 
unpolluted areas, the Rungis stream sediment is less 
contaminated than at hotspots like relevant harbours 
such as New York (NIST-1944). Moreover, Rungis 
stream sediment presented the whole range of PAH, 
including all the 16 USEPA PAH, which is character-
istic of urban sediments (Van Metre et al. 2000). 

Accumulation of PAH in buried LDPE strips
Whatever the molecules, the greatest deviation 

(excess) from the accumulation trend was observed 
after about 5 to10 days for fluoranthene and pyrene. 
A similar initially increasing profile was observed for 
each PAH (Fig. 3b), except dibenzo[a,h]anthracene, 
followed by a desorption event (Fig. 3a). 

Accumulation of PAH in LDPE (Fig. 3) segre-
gates PAH into three categories depending on PAH 
LogKOW or aromaticity:

Fig. 3. (a) Concentration (ng/g) of acenaphthylene, acenaphthene and anthracene in low density polyethylene exposed (buried) in 
sediment during the 36-day experiment. Results from 10 days after the beginning of the experiment are zero, Not shown to 
enhance figure definition for early passive sampling. (b) Concentration (ng/g) of polycycic aromatic hydrocarbons (PAH)  
in LDPE exposed (buried) in sediment during the 36-day experiment. Average concentrations and standard deviation 
(n = 3). When possible, first-order kinetic curves were fitted to the experimental data (from Devault et al. 2010). 
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One PAH for which accumulation in LDPE was 
detected but not quantified (and, thus not shown): 
dibenzo[a,h]anthracene. 

Acenaphthylene, acenaphthene and anthracene 
profiles (Fig. 3a), show early accumulation for 2 to 
4 days, and then decrease to an undetectable level 
seven days after. Even though the quantification 
limit (25 ng/g) restricts interpretation, figure 3a 
presents five quantifiable analyses in which all three 
PAH were detected seven days after the experiment 
began. However, their accumulation was detected 
but it was rarely quantified (less than 25 % of the 
samples)

As previously indicated, fluoranthene and pyrene 
(Fig. 3b) first-order passive sampling kinetic profiles 
conformed the accumulation model expressed by 
Huckins et al (1993).

Benzo(a)anthracene, chrysene, benzo(b)fluor-
anthene, benzo(a)pyrene, indeno(1,2,3-c,d)pyrene, 
dibenzo(a,h)anthracene, benzo(g,h,i)perylene, 
phenanthrene and fluorene, presented (Fig. 3b) 
a low early accumulation, which showed a peak 
after a week and then showed a decrease followed 
by another increase of PAH in the LDPE of longer 
duration a month later. During the six last days of 
the experiment, a new decrease was initiated, more 
noticeable for benzo(b)fluoranthene, benzo(a)py-
rene and indeno(1,2,3-c,d)pyrene. However, except 
for fluorine and phenanthrene which presented an 
accumulation profile close to first order kinetics, 
benzo(a)anthracene, chrysene, benzo(b)fluoran-
thene, benzo(a)pyrene, indeno(1,2,3-c,d)pyrene, 
dibenzo(a,h)anthracene and benzo(g,h,i)perylene 
accumulation were detected but rarely quantified 
(less than 25 % of the samples)

Accumulation of PAH in tubed LDPE strips
LDPE strips inserted into test tubes did not present 

any evidence of PAH uptake. Whatever the molecule, 
no accumulation profile was observed. Hence, ac-
cumulation did not occur. 

PRC desorption from LDPE
Despite the great variability in PRC concentra-

tions in buried LDPE, desorption followed first 
order kinetics with similar rates to those reported in 
the literature (Tomaszewski et al. 2008): the most 
hydrophilic PRC desorbed very rapidly (the acenaph-
thylene-d8 concentration reached the detection limit 
after 24 h of exposure) whereas intermediary PRC 
(fluorene-d10, fluoranthene-d10 and anthracene-d10) 
significantly desorbed after 36 d (Fig. 4). The least 
hydrophilic PRC did not desorb. For tubed LDPE, 
no significant desorption PRC occurred: initial PRC 
concentrations were quantified. 

DISCUSSION

Buried LDPE were used to compare in-tube LDPE 
with classical sampling profiles. The interpretation of 
lone buried LDPE results contributed to a previous 
communication (Devault et al. 2010). 

Contaminant recruitment mode is highlighted 
by the present experiment. LDPE inserted in a test 
tube were not subjected to pore water flow. Adsorp-
tion and desorption profiles ensure passive sampler 
inertia with environment. Inversely, buried strips 
presented adsorption and desorption correspond-
ing to what reported by Álvarez et al. (2007) and 
Tomaszewski et al. (2008). 

Fig. 4. Concentration of performance reference compounds in low density polyethylene exposed in sediment 
during the 36-day experiment. Average polycyclic aromatic hydrocarbons (PAH) concentration (n=3) 
and first-order decreasing curves.
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Regarding tubed LDPE, introduction of LDPE 
was performed carefully to prevent organic matter 
dissolution (Jonker et al. 2001), which could lead 
to increase PAH concentration in pore water. This 
was confirmed since no accumulation was observed 
during the first days of exposure. Inversely, the 
early profile of acenaphthene, acenaphthylene and 
anthracene for buried LDPE could be attributed to 
insertion processes, more intrusive because of burial, 
even LDPE/sediment competition processes induced 
depletion after the initial period. In any case, intro-
duction of LDPE into the test tube did not disturb the 
sorptive equilibrium of the sediment. 

Fluoranthene and pyrene (respectively 5.12 and 
5.2 logKOW) passive sampling presented the most 
suitable profiles for interpretation. Accumulative 
fluctuations for most PAH, limited the interpretation 
because the kinetic regime is hard to characterise and 
the equilibrium regime was never reached. Whatever 
their KOW or aromaticity, molecules present an initial 
accumulation phase followed by a decrease. The 
decrease profiles in a polluted environment context 
are unexpected and should be explained. 

LDPE-PAH bound
PAH adsorption on LDPE is disturbed after 5 to 10 

d, whatever the molecule considered. This desorption 
event was not observed on the PRC profile. However, 
decreasing profiles illustrate greater sampled PAH 
desorption from LDPE than concomitant adsorption. 
The type of adsorption binding or competition with 
other ligands could be involved. 

Such phenomena seem to indicate a variation in 
the pattern of PAH adsorbed onto the LDPE: PAH 
act as if the binding of molecules adsorbed early 
were sufficiently strong, allowing reversibility not 
covered by the adsorption model, as shown by the 
PRC profiles. However, no studies with LDPE in the 
literature corroborate these findings.

Competition between the passive sampler and 
environmental ligands, especially organic matter 
such as humic acids (Durjava et al. 2007), could 
explain the sampling differences by less affinity 
PAH - LDPE sorption than PAH - organic matter 
sorption. Such early adsorption on LDPE followed 
by dominant desorption becomes stronger as the PAH 
is increasingly soluble: after 8 days, acenaphthene, 
acenaphthylene and anthracene became permanently 
undetectable (Fig. 3a). 

The two interpretations could be combined to ex-
plain the predominant desorption pattern. With time, 
the succession of brief desorption-adsorption limits 
the organic chemical detection (Calvet et al. 2005) 

and favours strong bounds (Gaillardon et al. 1995, 
Gaillardon, 1996), leading to “ageing”. This process 
could interfere in LDPE sorption (Hatzinger et al. 
1995): LDPE short-term sorption involves PAH 
desorption which could favour long-term adsorption 
on sediment. Sediment accumulates contaminants 
owing to various generic characters: adsorption 
is partly explained by the affinity of PAH for: (i) 
organic structures (KOW, KOC) especially aromatic 
ones (Karickhoff et al. 1979, Larson et al. 1984, 
Gao et al. 1997), (ii) convoluted structures like fine 
fractions (< 63 μm) where confinement opportuni-
ties abound, and (iii) organic carbon (Emsley 1980) 
“amorphous”, with a flexible and macroporous 
structure such as humic acids, and a higher degree 
of aromaticity (Senesi 1992), “hard/condensed” such 
as carbonaceous microporous geosorbent (Ramade 
1979, Perminova et al. 1999, Sun et al. 2008), which 
strongly binds hydrophobic organic contaminants 
(HOC) and reduces desorption. This is true to such an 
extent that Puglisi et al. (2007) assessed that around 
30 to 62 % of the original level of organic micropol-
lutants remained in sediment several years after being 
trapped there. Sediment could thus be considered as 
a competitive agonist i.e. the contaminant affinity 
for the solid matrix and especially for the organic 
matter in sediment behaves like a passive sampler 
and, despite water, the most effective sampling by 
LPDE seems to result from its competition with the 
sediment matrix. 

Test tube LDPE vs. buried LDPE
Comparison between test tube LDPE and buried 

LDPE presents an obvious difference. Sorption oc-
curs in buried LDPE and not in test tube LDPE. The 
non occurrence of desorption, proven by the lack 
of PRC desorption in test tube LDPE, confirms the 
lack of PAH exchanges between LDPE and the me-
dium. Although, the two month experiment is long 
enough to allow desorption of PAH as assessed by 
buried LDPE where desorption conventionally oc-
curs (Devault et al. 2009) (3.1). Figure 2 highlights 
the elevated amounts of PAH in the sediment (in the 
range of 20 to 250 µg/g each) due to urban pollution. 
There were about 10 g of sediment in the test tube, 
so 0.2 to 2.5 µg of each. While the most hydropho-
bic PAH can be logically considered to be desorbed 
too slowly to justify accumulation, this is not the 
case for the lightest PAH, and particularly not for 
acenaphthylene which remains at constant levels in 
the sediment (about 50 ng/g; Fig. 2). The detection 
limit in passive sampling by buried LDPE was about 
50 ng/gLDPE. However, neither sediment volume nor 
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weight or amounts of PAH in the tube are significant 
for LDPE uptake. 

Concerning metals, the extensively used diffusive 
gradient in thin-film (DGT) device is a closed sampler 
(Harper et al. 1998, 1999, 2000). The recruitment of 
metals occurs in a closed solid environment. DGT 
forces desorption of chemicals adsorbed on sediment 
particles in the millimeters around the operative resin. 
Traces of metals in the pore water are maintained in 
contact with the device – note though, that metal and 
organic pollutant binding are not comparable. 

Circulation of water in test tube could be con-
sidered as substantially limited compared to buried 
strips, and confirmed by the desorption profile. The 
tubes were vertically pushed into the sediment (their 
number at each retrieval avoids spatial heterogene-
ity impact) and the pore water flow is considered to 
occur parallel to stream flow. Inversely, test tubes 
cannot be considered to fully restrain the pore water 
circulation in the boundary layer, thus explaining the 
very limited uptake of micropollutants by the LDPE. 
Sojitra et al. (1996) considered that fresh water, hold-
ing in the dissolved organic matter flocculation, is 
favourable to PAH transport. So, interpretations on 
fresh water LDPE sampling are fortified in marine 
sediment because the ionic strength increases due to 
salinity. Flocculation could occur, trapping adsorbed 
contaminants in macroporous circulation that become 
too narrow to allow flock circulation with pore water. 

The desorption profile indicates inertia as does the 
adsorption profile. While it is highly probable that 
Rungis sediment has sufficient quantities of PAH to 
accumulate in LDPE, it is at least also probable that 
the sediment adsorption sites were not saturated. 
Thus, desorption should have occurred from the 
buried LDPE and the test tube LDPE during the two 
month experiment. However, (i) PRC concentration 
in boundary layer could be enough to stop the desorp-
tion process and (ii) post-desorption re-adsorption of 
PRC could reduce the apparent desorption profile. 
The results indicate that desorption, as adsorption, 
are ordered by pore water, its circulation provides 
freely dissolved accumulated chemicals and allows 
PRC desorption. 

CONCLUSION

The present study ensures that LDPE cannot be 
used to estimate adsorbed molecules in sediment. 
We present empiric evidence that this passive sam-
pler only samples the labile part of the pore water 
contaminants. The efficiency of LDPE seems to be 

restricted by competitive interactions with natural 
ligands, which abound in sediment. It would appear 
justifiable to conclude that there is no interference 
between the sediment ligands and such devices. 

This study indirectly validates the practice of 
shaking in-lab sediment passive sampling: dissolved 
organic matter generated by sediment handling 
(Jonker et al. 2001) does interfere with hydrophobic 
organic contaminants freely dissolved in pore water. 
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